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Figure 4.9 Hydrogen concentration changes over time 
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Microbial Analysis  

Real-time PCR assays were developed and optimized for the quantification of total 

bacteria, and methanogens from microcosms. Real-time PCR quantification of bacteria and 

methanogen from Anacostia sediment microcosms are shown in Table 4.6. Total bacteria ranged 

from 1.1 × 106 to 3.8 × 106 and methanogen ranges from 1.8 × 105 to 2.1 × 106 cells per gram 

soil.  

Table 4.6 Real time PCR quantification of bacteria in Anacostia microcosms 

Treatments / Target cells Eubacteria cells/g Methanogen cells/g 

Sediment 1.1 × 106 9.1 × 105 

BionSoil 3.8 × 106 2.1 × 106 

Control (Sediment only) 7.7 × 105 1.8 × 105 

20 % of BionSoil added 7.9 × 105 5.6 × 105 

40 % of BionSoil added 1.0 × 106 7.6 × 105 

60 % of BionSoil added 1.7 × 106 1.7 × 106 

 
The values were the greater in eubacteria and methanogen as the fraction of BionSoil was 

increased. BionSoil may enhance the soil microbes and boost soil organic matter. Microbial 

degradation is the major mechanism for decrease of contaminant. Recently, many researchers 

explain the biodegradation potential of contaminant degrading bacteria. Potin et al. (2004) 

demonstrated the ability of PAH degradation using the specific strain, Cladosporium 

sphaerospermum, and they presented that PAH decline was strongly related to this fungus. 

Kassenga et al. (2004) supported anaerobic degradation by identifying the microbial community. 

Guo et al. (2005) found that mixed culture or single isolate could facilitate PAH bioremediation. 
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They isolated three bacterial consortia (Sphingomonas, Rhodococcus, and Paracoccus) to 

investigate bacterial composition and its degradation ability.  

PCR amplification products were tested for presence of bacteria and the concentration of 

amplified PCR products prior to DGGE analysis. DNA sequences of the cloned DNA fragments 

were edited using Chromas software downloaded from 

http://www.mb.mahidol.ac.th/pub/chromas/chromas.htm and was compared using BLAST 

(http://www.ncbi.nlm.nih.gov/BLAST/) maintained by the National Center of Biotechnology 

Information (NCBI). Desulfotomaculum sp. and Pelobacter sp. were dominant bacteria with 

98 % of homology from BionSoil treatment microcosm. Identified sequences are listed in Table 

4.7. They are preventative sulfate-reducing bacterium (Chang et al., 2001; Rios-Hernandez et al., 

2003; Londry et al., 2004). They participate in microbial manganese and sulfate reduction also in 

degradation processes (Rios-Hernandez et al., 2003; Lorah and Voytek, 2004; Matsui et al., 

2004). Theses microbial communities were produced and were able to biodegrade PAH in 

control and BionSoil treatment microcosms. The microbial communities may participate in 

biodegrading the PAH components.  

 

Table 4.7 Identification of bacteria from Anacostia microcosms 

Treatments Bacteria species Similarity (%) 

BionSoil Desulfotomaculum sp. 

Pelobacter sp. 

98 

Control (Sediment only) Clostridium sp. 92 
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The SRB specific PCR primer for the 16S rDNA was applied to detect SRB DNA from 

sediment microcosms. The 16S rDNA-targeted PCR primer sequence, DSV230 and DSV838 

(Daly et al., 2000), was used as expected product of 610 (bp). Daly et al., 2000 designed the six 

groups of PCR primers to detect SRB DNA and evaluate the PCR amplication of SRB 16s rDNA 

from landfill leachate. DSV230 and DSV838 were selected in this study as a Desulfovibrio group. 

PCR amplication of DNA extracted from sediment and microcosms was conducted with specific 

primers. Desulfovibrio-like amplication products obtained from all samples were shown in 

Figure 4.10. Sulfate reducers are possibly important factors in process of PAH biodegradation. 

Some bacteria species, Desulfovibrio, can ferment such as lactate and hydrogen in the presence 

of sulfate (Raskin et al., 1996; Richardson et al., 2002).  

A phylogenetic tree is a graphical representation of the evolutionary relationship among 

taxonomic groups. Taxonomy is the system of classifying plants and animals by grouping them 

into categories according to their similarities. Phylogenetic tree of microcosm treatments using 

Quantity One® 1-D analysis software was shown in Figure 4.11. It presents that how much 

similar in appearance and related patterns among the microcosms. It shows higher similarity of 

61 % relationship between 40 % BionSoil treatment and 20 % BionSoil treatment microcosms. 

These two treatments also have 55 % of similarity with 60 % BionSoil treatment microcosms. It 

indicated that BionSoil treatment microcosms were affected by adding the BionSoil. It is 

important to understand that the phylogenetic tree generated by bioinformatics tools is primarily 

based on sequence data alone. Hence, the sequence relatedness can be one of very powerful 

methods as a predictor of the relatedness of species.  
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Figure 4.10 PCR amplications of SRB 16S rDNA with SRB specific primers 

1: 1Kb DNA ladder, 2: Anacostia sediment 3: BionSoil 
4: Control microcosm (sediment only), 5: 20 % of BionSoil added, 

6: 40 % of BionSoil added, and 7: 60 % of BionSoil added microcosm 
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Figure 4.11 Phylogenetic tree using Quantity One® 1-D analysis software 
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Conclusions 

This kinetic study observed the important removal process of PAHs in anaerobic 

biodegradation. Biodegradation processes were examined the comparable effectiveness in the 

mixtures of BionSoil and Anascotia River sediment. Since BionSoil enhances soil microbes and 

contains high sediment total organic carbon (TOC), the correlation between degradation rate and 

sediment total organic carbon (TOC) are important for PAHs in Anacostia sediment.  

Biodegradation of PAHs was strongly linked to sulfate reduction in BionSoil mixtures. 

Though sulfate and carbon dioxide both are electron acceptor in biodegradation processes, 

sulfate reduction is the more energetic process than methanogenesis condition. Concentration of 

hydrogen decreased and maintained low level of concentration, it means, hydrogen was used as 

an electron donor during the degradation.  

Fast degradation of PAHs was possibly mediated by microbial communities such as 

Desulfotomaculum sp., Pelobacter sp., and Desulfuromonas sp. The microbial consortia may 

have a relation with the degradation potential. These sulfate-reducing bacteria potentially use 

hydrocarbon substrates as an electron donors and sulfate is used as an electron acceptor. 

BionSoil could support the population of sulfate-reducing bacteria.  
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CHAPTER 5                                                                                                                            
THE EFFECT OF BIONSOIL ON HCB BIODEGRADATION  

 
Introduction 

 
 Hexachlorobenzene (HCB) has been used as both a pesticide and an industrial chemical. 

While HCB has not been produced commercially since 1982, HCB is also still produced as a by 

product during the manufacture of several chlorinated chemicals. HCB has been detected in the 

flue gas and the fly ash of municipal incinerators and other thermal processes (ATSDR, 1996). 

HCB is a chlorinated hydrocarbon that is very hydrophobic in nature with a low aqueous 

solubility (0.005 mg/L). The U.S. EPA has classified HCB as a probable human carcinogen and 

has established a national primary drinking water standard (maximum contaminant level) of 

0.001 mg/L (ATSDR, 1996). HCB is a hydrophobic organic chemical that has shown a lack of 

toxicity in water at concentrations up to and exceeding the solubility limit (Fuchsman et al., 

1998). A potential risk is present in the contaminated sediment. HCB is rather persistent and 

binds to particular matter and easily bioaccumulates into the organism and food chain (Boese et 

al., 1996; Nakashima et al., 1997; Fuchsman et al., 1998).  

 Many studies have shown that anaerobic reductive dechlorination of HCB yields lower 

chlorinated benzenes (Sims et al., 1991; Beurskens, 1995; Middeldorp et al., 1997; Pavlostathis 

and Prytula, 2000). The most cited predominant pathway of the microbial reductive 

dechlorination of HCB is as follows: HCB → pentachlorobenzene (PeCB) → 1,2,3,5-

tetrachlorobenzene (1,2,3,5-TeCB) → 1,3,5-trichlorobenzene (1,3,5-TrCB). 1,3,5-TrCB usually 

accumulates, although it can be further reduced via 1,3-dichlorobenzene (1,3-DCB) to 

monochlorobenzene or even benzene (Beurskens, 1995; Chen et al., 1997; Middeldorp et al., 

1997; Pavlostathis and Prytula, 2000). Other possible tetrachlorobenzene (1,2,3,4-TeCB and 

1,2,4,5-TeCB), trichlorobenzene (1,2,3-TrCB and 1,2,4-TrCB), and dichlorobenzene (1,4-DCB 
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and 1,2-DCB) isomers have been observed either less frequently or at low levels as compared 

with the above-discussed predominant HCB sequential dechlorination pathway (Pavlostathis and 

Prytula, 2000). Reductive dechlorination appeared to occur in a stepwise fashion until lower 

chlorinated compounds accumulate. These latter reactions tend to occur much more slowly and 

result in trace levels of dechlorination products. 

Reductive dechlorination of polychlorinated benzene congeners and accumulation of less 

chlorinated benzene congeners (CBs) has been documented for reduced environments such as 

soils rich in organic matter and sediments (Sims et al., 1991; Pavlostathis et al., 2000). Since 

chlorinated compounds are used as electron acceptors during reductive dechlorination, there 

must be an appropriate source of carbon for microbial growth in order for reductive 

dehalogenation to occur. Organic matter is one of the potential carbon sources of energy for 

anaerobic microorganisms. A number of studies have demonstrated that dechlorination kinetics 

is faster in organic carbon rich soils than in soils poor in organic carbon content because 

microbial activity depends on the availability of organic carbon (Lorah et al., 1997, Kassenga et 

al., 2003). Therefore, HCB dechlorination would be expected to accelerate in organic carbon 

soil.  

 Redox conditions in soils and sediments can impact HCB dechlorination. Beurskens 

(1995) reported concomitant dechlorination of HCB with sulfate reduction. The degadation of 

HCB under sulfidogenesis and methanogenesis is thermodynamically possible since reactions 

involving HCB conversion to benzene offer more energy (1717.6 kJ/mol) to anaerobic bacteria 

than the reduction of compounds available naturally in anaerobic environments, such as sulfate 

to sulfur (551.84 kJ/mol) and carbon dioxide to methane (400.46 kJ/mol) (Sims et al., 1991; 

Dolfing et al., 1992). Chen et al. (2002) investigated the reductive chlorination of HCB under 
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various redox conditions. Results indicated that microbial activity caused an effect on 

dechlorination (Chen et al., 2002). Researchers presented that reductive chlorination of HCB 

under methanogenic condition (Beurskens et al, 1994; Chang et al., 1997). Beurskens et al. 

(1994) showed anaerobic dechlorination by determining dechlorination rates and Chang et al. 

(1997) proved reductive dechlorination of HCB by anaerobic mixed culture using methane 

producing bacteria. Some researchers reported that sulfate reducers can outcompete methanogens 

for hydrogen and substrate (Lovely and Klug, 1983; Lovley and Phillips, 1987). The 

chlororespiring anaerobe Dehaloccoides sp. strain CBDB1 can degrade chlorinated benzene 

(CB) compounds. Strain CBDB1 is capable of coupling growth to dechlorination of CBs (Adrian 

et al., 2000; Jayachandran et al., 2003; Jayachandran et al., 2004). Dehaloccoides sp. is most 

important on HCB dechlorination. 

The study investigated the effect of a compost product BionSoil on HCB degradation in 

Anacostia sediment. BionSoil was selected as an organic rich material for construction of a 

reactive sediment cap. The reactive caps are occurred the degradation of contaminants as the 

contaminated water passes through. The destructive technologies such as biodegradation, 

sorption, and sequestration take place in permeable reactive caps. The effectiveness of reactive 

cap using BionSoil was evaluated with HCB dechlorination in this study. 

Materials and Methods 

Sediments 

Sediments were obtained from the Anacostia River which flows from the Maryland 

suburbs of Washington, DC to its mouth at the Potomac River near downtown Washington. 

Anacostia River is one of America's most endangered rivers, with sediments containing 

significant concentrations of heavy metals, polychlorinated biphenyls (PCBs), hydrocarbons, and 
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chlordane. The sources of these contaminants are long-term military and industrial activity in the 

Anacostia and Potomac Rivers. Figure 5.1 shows two study sites on the Anacostia adjacent to the 

Navy Yard. Sediment samples were collected from Site 2 contaminated with PAHs up to 210 

ppm. Site 1, near the old combined sewer overflows on the south end of the Navy Yard has 6-12 

ppm of polychlorinated biphenyls (PCBs), 30 ppm of PAHs, and significant level of several 

metals such as cadmium, chromium, copper, lead, mercury, and zinc.  

BionSoil is essentially peat material and a trademark name for a type of processed 

mixture of animal manure. It facilitates sorption of contaminants and can provide a source of 

carbon for bacteria in waste treatment systems and BionSoil has high organic matter and nutrient 

content (www.biontech.com). BionSoil encourages degradation of organic contaminants through 

enhancement of reductive dechlorination and anaerobic degradation of polyaromatic 

hydrocarbon (PAH) compounds. The geotechnical characteristics of BionSoil are follows: 

saturated density 34.6 (pcf), TOC of 57.1 (%), pH of 7.4, and saturated moisture content of 125.4 

(%) (Kassenga et al., 2000). 

Chemicals 

 The test chemicals selected for this study were hexachlorobenzene (HCB) and daughter 

compounds, pentachlorobenzene (QCB), tetrachlorobenzene (TeCB), trichlorobenzene (TCB), 

dichlorobenzene (DCB), monochlorobenzene (MCB), and benzene. HCB was selected as the test 

chemical because it together with its daughter products can be used a surrogate for 

polychlorinated biphenyls (PCBs) in reductive dechlorination study. The properties of these 

chemicals are listed in Table 5.1. 
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Figure 5.1 Anacostia study sites (From http://www.hsrc-ssw.org/anacostia/) 
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Table 5.1 Physical and chemical properties of HCB and degradation products 
 (www.inchem.org/pages/icsc.html) 

Property HCB PCB TeCB TCB DCB MCB 

Molecular weight 284.8 250.3 215.9 181.5 147.0 112.6 

Aqueous solubility 
(mg/L @ 25ºC) 

 

0.005 none   none 499 

Vapor pressure  
(Pa @ 25ºC) 

 

0.001 2 0.7 17.3 286 1170 

Log Kow 5.5 – 6.2 5.1 – 5.6 4.9 4.05 3.53 2.2 – 2.8 

Density  
(g/cm3 @ 20ºC) 

1.21 1.8 1.83 1.45 1.29 1.11 

 

Microcosm Experiments 

Anaerobic microcosms were constructed inside a glove bag (Cole Parmer Instrument 

Company, Cheltenham, PA) under an oxygen-free nitrogen atmosphere. Microcosms were 

prepared using mixtures of Anacostia River sediment and BionSoil, which were then packed in 

125 mL Wheaton serum bottles with 20 mL head space. Prior to addition of the selected 

compost, 50 ppm of HCB was dissolved in diethyl ether added to the serum bottles, and then 

solvent was flushed away with nitrogen in bottles. The sediments from Anacostia River and 

sediment with BionSoil were slurried (1:1.5 w/w %) with deionized water. All bottles were 

sealed with Teflon-lined rubber septa and aluminum crimp seals. Anaerobic microcosms were 

prepared from Anacostia River sediment and BionSoil mixed with four different volumes (0 %, 

20 %, 40 %, and 60 % (w/w) of BionSoil). Microcosms were incubated in an inverted position at 

25 ºC under static conditions in the dark. To account for abiotic losses, killed controls were 

prepared with mercuric chloride (3.89% wt/vol) which inhibits microbial activities. Two 
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identical sets of bottles were set up for each experiment, one set of bottles for analysis of 

indicators of redox status by sulfate, hydrogen and methane and another set for analysis of the 

test chemicals. The concentrations of chlorinated compounds were monitored at regular time 

intervals using analytical techniques described below. Temporal monitoring of concentrations of 

the parent compound and degradation daughter products were done for each spike until the 

concentration of the parent compound drops below the detection limit of the analytical methods. 

Sediment Extraction  

Five mL of sediment mixture slurry was subsampled from the serum bottles and 

transferred into 60 mL Teflon centrifuge tubes containing the same volume of hexane/acetone 

mixture (50/50, v/v, %). Each centrifuge tube was tumbled 24 hours to extract the chlorinated 

compounds from the slurry then, each tube was centrifuged for 20 minutes at 3000 rpm in 

AvantiTM J-20 XPI high-performance centrifuge (Beckman Coulter, Fullerton, CA). One mL of 

hexane/acetone extract was transferred to gas chromatography mass spectrometry (GC/MS) 

autosampler vials and refrigerated until GC/MS analysis. 

Chemical Analysis 

 The chlorinated extracts were analyzed following EPA Method 8270. Ten µL of 

semivolatile internal standards mix (Supelco, Bellefonte, PA) was injected into the extract. The 

sample was analyzed using a Hewlett Packard 5890A gas chromatograph (GC) coupled with a 

HP 5971 mass selective (MS) detector. The GC was equipped with a 30 m x 250 µm x 0.25 µm 

film thickness capillary column. One µL of the sample was injected automatically onto the 

column. GC temperature program conditions were 55°C, ramped at 10°C/min to 200°C, then at 
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4°C/min to 300°C and held for 10 minutes. The mass spectrometer was operated in the selected 

ion monitoring mode and the ion source temperature was 280°C.  

 Analysis of chlorobenzene and benzene were performed by EPA Method 8260B using a 

purge and trap apparatus attached to HP 5890A GC equipped with a HP 5971 MS detector. A 

thermal desorption trap (VOCARB 3000; Supelco, Bellefonte, PA) was employed in the purge 

and trap apparatus. The extracts along with 10 µL of internal standard and 2.5 µL of surrogate 

(Supelco, Bellefonte, PA) were manually injected into the purge and trap autosampler (Tekmar 

2016; Tekmar Dohrmann, Mason, OH) and purged for 11 min then, desorbed for 0.5 min and 

baked for 13 min at 225°C. 

Sulfate and Gas Measurements 

A Hach DR 2010 spectrophotometer (Hach Co., Loveland, CO) was used to determine 

sulfate concentrations. Water from each microcosm was diluted with deoxygenated water to 25 

mL in order to measure the concentrations using the spectrophotometer. The Hach DR 2010 was 

capable of analyzing for sulfate concentrations within a range of 0 to 70 mg/L SO4
2-. Sulfate 

concentrations were read directly by adding the Hach, SulfaVer 4 Sulfate Reagent “powder 

pillow” and inserting the samples into the spectrophotometer.  Sulfate ions in the sample react 

with barium in the SulfaVer 4 Sulfate Reagent “powder pillow”, forming insoluble barium 

sulfate turbidity. A standard calibration was performed for each lot of SulfaVer 4 Reagent 

Powder Pillows.  Standards of 0, 10, 20, 30, 40, 50, and 60 mg/L sulfate were prepared by 

diluting 0, 0.1, 0.2, 0.3, 0.4, 0.5 and 0.6 mL of the contents of a Sulfate Voluette Ampule 

standard. 

Hydrogen was analyzed using a reduction gas chromatograph (Trace Analytical, Menlo 

Park, CA). Headspace samples were injected into 1 mL gas sampling loop and were separated 
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with a molecular sieve analytical column (Trace Analytical, Menlo Park, CA) at an oven 

temperature of 40°C. Ultrahigh purity nitrogen (BOC Gases, Baton Rouge, LA) was used as a 

carrier gas after it was passed through a catalytical combustion converter to removes traces of H2. 

The detection limit for H2 under these conditions was 1 ppb. Aqueous H2 concentrations were 

calculated as Löffler et al. (1999). 

RT
LPdissolvedH =)(2  

where )(2 dissolvedH is the aqueous concentration of H2 (in moles/L), L  is the Oswald 

coefficient for H2 solubility (0.01913 @ 25ºC), R  is the universal gas constant (0.0821 L · atm · 

K-1 · mol-1), P  is the atmospheric pressure, and T  is temperature in Kelvin. 

Methane was measured using a gas chromatography flame ionization detector (GC/FID). 

One mL of gas was collected from the headspace of the bottle using a gas tight syringe and 

injected into GC/FID (HP 5890 series II) equipped with a 2.4 m x 0.32 mm i.d. column packed 

with Carbopack b/l % SP-1000 (Supelco, Bellefonte, PA). The injector and detector temperatures 

were 375ºC and 325ºC, respectively. The column temperature was held constant 50ºC for 6.50 

min. Ultrahigh purity nitrogen (Grade 5.0) was used as a carrier gas. Methane data were reported 

as aqueous phase concentrations. Headspace methane concentrations were converted to aqueous 

phase concentrations by Henry’s Law constant of 0.6364 atm/mol/m3 for methane.  

Microbial Analysis 

Microbial populations were characterized using denaturating gradient gel electrophoresis 

(DGGE) and real time polymerase chain reaction (RT-PCR). The protocol of Mo Bio Ultraclean 

Soil DNA Isolation Kit (Mo Bio Laboratories, Inc., Carlsbad, CA) was followed to extract DNA 

from 0.25 g of wet sediment slurry samples collected from the microcosms. Sediment samples 
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were washed twice with 0.12 M of sodium phosphate buffer to remove extracellular DNA (Lee 

et al., 1996). Extracted DNA was amplified using PCR using a 20 µL reaction volume. Each 

reaction contained DNA Polymerase (1 U), 1x Taq Buffer, 3 mM of MgCl2, 1 µM of each primer, 

0.2 mM of each deoxynucleoside triphosphate (dNTP) (Promega Corporation, Madison, WI) and 

1 µL of extracted DNA. The conditions PCR amplification program consisted of an initial 5 min 

denaturation step at 94°C followed by 30 cycles of 94°C for 1 min, 57°C for 1 min, 72°C for 1 

min, and a final 10 min extension step at 72°C (Lee et al., 2002).  

For real-time PCR, the PCR mixture consisted of 12.5 µl of 2×iQ SYBR Green 

Supermix, 250 nM of each primer and 1.5 µl of DNA templates. Distilled water was used to 

bring the volume to 25 µl. PCR conditions were as reported by Hendrickson et al. (2002) for the 

bacteria: initial denaturation at 95ºC for 2 min, followed by 30 cycles consisting of denaturation 

at 94ºC for 1 min, annealing at 55ºC for 1 min, and extension at 72ºC for 1 min. For the archaea 

group (i.e., methanogens), PCR conditions were : denaturation at 94ºC for 2 min, followed by 30 

cycles consisting of denaturation at 94ºC for 30 s, annealing at 60ºC for 45 s, and extension at 

72ºC for 2 min (Löffler et al., 1997). PCR amplication was performed using a RT-PCR Detection 

System iCycler iQ (Bio-Rad Laboratories, Inc., Hercules, CA). The PCR products were purified 

with MoBio PCR Clean-Up Kit (Mo Bio Laboratories, Inc., Carlsbad, CA). The molecular 

weight of products was determined by electrophoresing portions of extracts on 1.0 % agarose 

gels with a 1-kb ladder ((Promega Corporation, Madison, WI) as a size marker. The bacterial 16S 

rDNA real-time PCR assay was log-linear over 5 orders of magnitude with DNA standards. The 

linear range of detection for real-time PCR assay for bacterial 16S rDNA was from 8.5 to 8.5 × 

105 copies per PCR. The regression coefficient value for standard curves for PCR was 0.99. The 

numbers of bacteria, methanogen, Dehalococcoides cells per gram soil were calculated from 
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copies per gram soil. The gene copy number per cell was used 3.6 for bacterial 16S rDNA 

(Harms et al., 2003). The oligonucleotide primers are listed in Table 5.2. All these primers were 

obtained from AlphaDNA (Montreal, Quebec, Canada).  

 

Table 5.2 Oligonucleotide primers used in this study 

         Primer                    Sequence (5´ - 3´)                               References 

Universal Primers  for 16s rDNA                                          Lane (1991)    

          27f                      5'-AGAGTTTGATCCTGGCTCAG-3' 

        1492r                     5'-GGTTACCTTGTTACGACTT-3' 

Archaea Primers for RT- PCR                                          Löffler et al. (1997) 

          340f                  5´ - CCTACGGGGCGCASCAGGSGC - 3´ 

          915r                   5´ - GTGCTCCCCCGCCAATTCCT - 3´ 

Universal Primers for DGGE (GC clamp)                 Schafer and Muyzer (2001) 

          341f               5´ - GCCCGCCGCGCCCCGCGCCCGTCCCGC 
                    CGCCCCCGCCCGCCTACGGGAGGCAGCAG - 3´ 

          907r                      5´ - CCGTCAATTCMTTTRAGTTT - 3´ 

Universal Primers for clone (non GC)                       Schafer and Muyzer (2001) 

           341f                         5´ - CCTACGGGAGGCAGCAG - 3´ 

           907r                      5´ - CCGTCAATTCMTTTRAGTTT - 3´ 

Dehalococcoides sp.  Primers for RT- PCR                 Hendrickson et al. (2002) 

         DHC 1f                           GATGAACGCTAGCGGCG 

        DHC 1212r                GGATTAGCTCCAGTTCACACTG 
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DGGE was performed using a D-CodeTM Universal Mutation Detection System (Bio-Rad, 

Hercules, CA). The denaturing gradient gel (6 %, wt/v, acrylamide solution) was selected for a 

particular size range between 300 and 1000 base pairs. The acrylamide gels were made with a 

gradient ranging from 40 % to 70 %, where 100 % denaturant contained 42 % (wt/v) urea and 

40 % (v/v) formamide. Polymerization was catalyzed by adding 0.057 % of TEMED (v/v) and 

0.85 % of the 10 % ammonium persulfate (v/v) to both denaturant solutions. Gels were cast 

using a Bio-Rad Model 475 gradient delivery system. Electrophoresis was performed in 1x TAE 

buffer at 60˚C for 16 hours with an applied current of 0.15 A at 65 V. After electrophoresis, the 

gel was stained with ethidium bromide (EtBr) for 10 min. then, destained in distilled water for 10 

min. The gel was imaged with a UV transilluminator using the Chemidoc XRS system using 

Quantity One® 1-D Analysis Software (Bio-Rad, Hercules, CA). 

DNA was also amplified using PCR with non GC primers, 341F and 907R, for cloning. A 

ligation reaction was performed using pGEµ-T-vector and transformation was accomplished with 

E.coli competent cells (Promega Coporation, Madison WI) through the protocol provided by the 

manufacturer. LB (Luria-Bertani) plates with ampicillin/IPTG/X-Gal and liquid LB media with 

ampicillin were prepared to plate E.coli competent cells. The growing white colonies were 

selected, and transferred into liquid LB medium with ampicillin, and incubated overnight at 

37˚C. The plasmid with inserts was extracted from liquid LB medium using the plasmid 

preparation kit (Mo Bio Laboratories, Inc., Carlsbad, CA). To verify the clone plasmid products, 

restriction enzyme reactions were conducted and checked with gel electrophoresis. DNA 

products were purified using the MoBio PCR Clean-Up Kit. Finally, samples were sent to 

BioMMED (Biotechnology and Molecular Medicine) in the School of Veterinary Medicine 

(Louisiana State University) for sequencing.  
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Data Analysis 

First-order reaction rate constants were calculated from the first-order kinetic equation. 

Rate constants for the degradation of HCB compounds were determined using non-linear 

regression of a first-order exponential decay equation. The degradation rate constant (k) was 

calculated using the following equation: 

kte
C

C −=
0

 

where C is the substrate concentration, (mM/kg dry soil), C0 is the initial concentration,  k 

is the pseudo first-order degradation rate constant, (day-1), and t is the time, (days). Kinetic data 

were modeled using SigmaPlot 9.0. A two sample t-test was used to compare the differences in 

rate constants from different treatments using a significant level of 0.05.  The characteristic half-

life period (
2

1t ) was calculated from the first-order reaction rate constant (k ) using the 

following equation: 

kk
t

693.0)2(ln
2

1 =−=  

where 
2

1t is the half-life time (days) and k  is the pseudo first-order degradation rate 

constant, (day-1). 

Results and Discussion 

HCB Dechlorination 

HCB dechlorination was monitored from the mixtures of BionSoil and Anascotia River 

sediment at a regular interval. Reductive dechlorination of HCB and daughter product profiles 

from the different treatments is shown in Figure 5.2 through Figure 5.6. 
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 Parent component HCB was totally degraded after 150 days. Then, daughter products 

were produced from 30 days in control microcosms. HCB was not degraded and no daughter 

products detected in the killed control treatment. The inhibition of degradation after addition of 

mercuric chloride in the killed control treatment strongly suggests that microorganisms in 

sediment are responsible for degradation since microbial activity is inhibited by mercuric 

chloride. Faster degradation of HCB was observed in microcosms with the compost mixture 

rather than in microcosms with sediment alone. HCB was biodegraded at different kinetic rates 

in the treatments.  

HCB was completely removed in all microcosms except the killed control. HCB was 

reductively dechlorinated to QCB, 1,2,4,5-TeCB and 1,2,3,5-TeCB, which was converted to 

1,3,5-TCB, 1,2,4-TCB, 1,3-DCB and 1,4-DCB. The final end products of HCB dechlorination 

were MCB and benzene. QCB was detected in trace amounts and formation of 1,2,3,4-TeCB was 

not detected. The observed transformation pathway (HCB → QCB → 1,2,3,5-TeCB and 1,2,4,5-

TeCB → 1,3,5-TCB) was very similar to that reported by Chang et al. (1997), Pavlostathis et al. 

(2002) and Jayachandran et al. (2003). Moreover, 1,2,3,4-TeCB component was not formed at all 

in Jayachandran et al., (2003). The final products of HCB were 1,3-DCB and 1,4-DCB, or 1,3,5-

TCB in previous studies cited. In the current study, MCB and even benzene were formed and 

dechlorinated and degraded completely in this study. The benzene has been mineralized in 

sediment and was converted to CH4 and CO2 (Lovley et al., 1994; Weiner and Lovley, 1998b). 

Benzene was degraded with steady production of CO2 over time under anaerobic condition 

(Weiner and Lovley, 1998a). 
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Figure 5.2 HCB dechlorination in control microcosm 
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Figure 5.3 HCB dechlorination in killed control microcosm 

 
 
 



 157

Time (Days)

0 100 200 300

C
on

ce
nt

ra
tio

ns
 (

µM
)

0

100

200

300

400

500

600

Hexachlorobenzene
Pentachlorobenzene
1,2,4,5 - Tetrachlorobenzene
1,2,3,5 - Tetrachlorobenzene
1,3,5 - Trichlorobenzene
1,2,4 - Trichlorobenzene
1,3 - Dicholorobenzene
1,4 - Di chlorobenzene
Monochlorobenzene
Benzene

 
 

Figure 5.4 HCB dechlorination in 20 % BionSoil added microcosm 
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Figure 5.5 HCB dechlorination in 40 % BionSoil added microcosm 
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Figure 5.6 HCB dechlorination in 60 % BionSoil added microcosm 
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The kinetic rate constants and half-life times of HCB dechlorination are listed in Table 

5.3. The first-order kinetic model is able to describe degradation kinetics in most microcosms 

reasonably well as coefficient of determination (R2) values shown in Table 3.3. The rate 

constants of different treatment microcosms are 0.0058 (day-1), 0.0068 (day-1), 0.0085 (day-1), 

and 0.0138 (day-1) in control microcosms, 20 %, 40 % and 60 % of BionSoil treatments, 

respectively. The value of the rate constant increased as fraction of BionSoil increased in 

microcosms. The rate constant in 60 % of BionSoil treatment is 2.5 times greater than sediment 

control treatment. Corresponding half-lives vary from 50 days to 119 days.  

 

Table 5.3 First-order rate constants (day-1) of HCB 

Treatment degradation rate constant (k) 
2

1t  R2 

Control  0.0058 119 0.98 

20 % Biosoil  0.0068 102 0.97 

40 % Bionsoil  0.0085 82 0.97 

60 % Bionsoil  0.0138 50 0.98 

 

Mass balances were calculated to verify the disappearance of parent compound due to 

biodegradation. Mass balance for HCB was found to be 86 - 103 %. The dechlorination was 

completely occurred in parent compound and intermediate daughter products in microcosms. The 

observations further imply that it is feasible to apply in-situ or ex-situ bioremediation for 

cleaning up chlorinated compound contaminated sites since no accumulation of intermediate 

daughter products, TeCB, TCB, and DCB is anticipated. 
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Redox Studies 

Sulfate concentration change is shown in Figure 5.7. In the 60 % of Bionsoil treatment, 

95 % of sulfate was removed over 225 days while it was not consumed in the killed control 

treatment. Sulfate concentrations significantly decreased until 120 days which corresponds with 

the HCB dechlorination period. This indicated that HCB dechlorination occurred when the redox 

status was sulfate-reducing. Sulfate was completely depleted at 200 days followed by rapid 

increases in methane concentration. Sulfate reducing conditions changed to methanogenesis 

condition at this point. After 200 days, the daughter products, MCB and benzene, produced and 

these compounds degraded under methanogenic condition (Figure 5.8). Methanogenesis was 

limited during the dechlorination periods of parent and intermediate compounds (0 to 200 days) 

and methane concentration increased after the parent compound and intermediate daughter 

products were completely dechlorinated. Sulfate reducing bacteria was the predominant 

population over methanogens when the electron donor was sufficient for dechlorination of HCB 

(Channg et al., 1996 and Chen et al., 2002). However, the studies have reported that 

methanogenesis was the dominant redox status where reductive dechlorinative occurred 

(Middeldorp et al., 1997; Pavlostathis and Prytula, 2000). 

Methane and hydrogen concentration trends in different treatment microcosms are shown 

in Figure 5.8 and Figure 5.9. Methane concentrations increased slightly from 0 to 150 days when 

HCB were dechlorinated completely. The methane production rates were lowest when 

dechlorination rates were highest (Brahushi et al., 2004). Methane concentrations increased 

tremendously after 170 days in accordance with sulfate depletion. Dechlorination of daughter 

products (TCB, DCB, and CB) were found to correlate with methane production in microcosms 

after 170 days.  
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Figure 5.7 Sulfate monitoring with time in Anacostia sediment 
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Figure 5.8 Methane productions with time in Anacostia sediment 
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Figure 5.9 Hydrogen monitoring with time in Anacostia sediment 
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Hydrogen concentration decreased initially while methane slightly increased. During the 

dechlorination period, hydrogen concentration decreased and sustained at low concentration. 

Hydrogen was used initially then fluctuated and sustained approximately 4 nM. These results 

indicated that hydrogen was probably used as an electron donor during methanogenesis for 

driving dechlorination reactions (Middeldrop et al., 1997; Löffler et al., 1997; Adrian et al., 

2000). Hydrogen concentration decreased when dechlorination started and remained constant in 

microcosms. Methane and hydrogen concentrations were significantly related with the fraction of 

BionSoil. Methane production and hydrogen activity were accelerated in the larger fraction of 

BionSoil added treatment.  

Microbial Analysis  

 Soil slurry samples from microcosms were collected and analyzed to compare the 

diversities of microbial communities in sediment and to investigate the effect of BionSoil on 

microbial consortia. Soil slurry samples were taken for DNA extraction and amplification. Real-

time PCR assays were developed and optimized for the quantification of total eubacteria, 

methanogen, and Dehalococcoides from microcosms. The targets for the real-time PCR assays 

were the 16S rDNA for bacteria, methanogen, and Dehalococcoides. Real-time PCR 

quantification of bacteria, methanogen, and Dehalococcoides from Anacostia sediment 

microcosms are shown in Table 5.4. Eubacteria ranged from 9.1 × 105 to 4.7 × 106, Methanogen 

ranges from 2.6 × 106 to 1.3 × 107, and Dehalococcoides ranged from 2.4 × 103 to 3.4 × 103 cells 

per gram soil. Methanogens in the 60 % of BionSoil treatment is five times greater than sediment 

control treatment based on the real time PCR quantification. Dehalococcoides populations were 

not  much different between the treatments. 
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Table 5.4 Real-time PCR quantification of bacteria, methanogen, and Dehalococcoides 

 Eubacteria 

(cells/g) 

Methanogen 

(cells/g) 

Dehalococcoides  

(cells/g) 

Sediment 9.1 × 105 2.6 × 106 3.4 × 103 

BionSoil 4.7 × 106 4.2 × 106 2.8 × 103 

Control  1.9 × 106 2.8 × 106 2.4 × 103 

20 % of BionSoil  1.5 × 106 3.4 × 106 3.2 × 103 

40 % of BionSoil  2.2 × 106 9.1 × 106 2.3 × 103 

60 % of BionSoil  2.5 × 106 1.3 × 107 2.8 × 103 

 
  

 DGGE band profiles of the PCR amplification products extracted from microcosms and 

Anacostia sediment are shown in Figure 5.10. Comparing the banding patterns, BionSoil only, 

BionSoil treatment microcosm, control microcosm, and Anacostia sediment show different 

microbial compositions. The band (a) was significantly visible in the control microcosm and 

BionSoil treatment microcosm. The band (d) was prominent in the control treatment but not in 

any other microcosms. The band (e) was very intensive in BionSoil treatment microcosm and 

little in in the control treatment but not in any other microcosms. Different microbial 

communities were able to dechlorinate HCB and daughter products in control and BionSoil 

treatment microcosms. Microbial degradation could be occurred by different microbial consortia 

since HCB and daughter products dechlorinated in both control microcosms and BionSoil 

treatment.  
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Figure 5.10 DGGE band – 1: BionSoil, 2: BionSoil treatment microcosm 
3: Control microcosm (sediment only), and 4: Anacostia sediment 
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 DNA sequences of the cloned DNA fragments were edited using Chromas software 

(http://www.mb.mahidol.ac.th/pub/chromas/chromas.htm) and was compared using BLAST 

(http://www.ncbi.nlm.nih.gov/BLAST/) maintained by the National Center of Biotechnology 

Information (NCBI) database. Table 5.5 shows that only one or two HCB dechlorinating 

bacterial strains was identified from sediment and microcosms.  

 

Table 5.5 Bacterial identification by DNA sequencing 

Starins (DGGE band) Bacterial species (% homology) 

(a) Actinomycete, Actinobacteria 

(b) Lactobacillus sp. (100 %) 

(c) Bacteroidetes bacterium, Pseudomonas synxantha 

(d) Desulfotomaculum sp., Clostridia bacterium 

(e)  Pelobacter sp., Desulfuromonas sp. (98 %) 

(f) Clostridium sp. (96 %) 

 

  

 The result of the microbial identification and DGGE profile indicated that microcosms 

closely related to bands (d) and (e) were present in BionSoil treatment microcosms. 

Desulfotomaculum sp. is representative of sulfate-reducing bacterium (Chang et al., 2001; Rios-

Hernandez et al., 2003; Londry et al., 2004) that uses a plenty of substrates as electron donors 

from simple organic compounds to aromatic compounds. Sulfate, thiosulfate and sulfite are used 

as an electron acceptor. (Kuever et al., 1999). The characterization of both strains Pelobacter sp. 

and Desulfuromonas sp. are very similar. They participate in microbial manganese and sulfate 
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reduction also in dechlorination processes (Lorah and Voytek, 2004; Matsui et al., 2004). Bands 

(d) and (e) were may contributed the faster HCB dechlorination as BionSoil treatment 

microcosms in this study.  

 A phylogenetic tree is a graphical representation of the evolutionary relationship between 

taxonomic groups according to their similarities. Phylogenetic tree between microcosm 

treatments using Quantity One® 1-D analysis software was shown in Figure 5.9. It presents that 

how much similar in appearance and relatedness patterns between the microcosms. The higher 

similarity is 85 % of relationship between 60 % BionSoil treatment and 20 % BionSoil treatment 

microcosms. These two treatments also have 82 % of similarity with BionSoil. It indicated that 

BionSoil treatment microcosms were affected by adding the BionSoil. It is important to 

understand the phylogenetic tree generated by bioinformatics tools. And it is also true that 

sequence relatedness can be very powerful as a predictor of the relatedness of species.  

Implication of BionSoil 

BionSoil causes an effect on dechlorination in this study since it boosts soil organic 

matter and enhances soil microbes that facilitate HCB degrdation. These observations suggest 

that BionSoil has a capability to accelerate degradation by providing microbial source. 

Therefore, BionSoil ingredient probably changes microbial community. Many researches have 

been added nutrients or microbes to enhance the dechlorination ability. They presented that 

dechlorinating microbes, electron suppliers, sulfate reducers and denitrifying bacteria, all 

possibly caused a great effect on dechlorination (Chang et al., 1997; Chen et al., 2002). The 

microbial communities were important to dechlorinate HCB. And it is likely that other organisms 

were also involved, either directly or indirectly, in declining the HCB.  
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Figure 5.11 Phylogenetic tree using Quantity One® 1-D analysis software 
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Conclusions 

The transformation of HCB in Anacostia was mainly due to reductive dechlorination. The 

complete dechlorination of the parent compound and daughter products were observed and 

proceeded faster as the percentage of the compost increased. The first order rate constants of 

parent compound in the sediment ranged 0.0058 to 0.0138 day-1. The dominant pathway of HCB 

was: QCB → 1,2,4,5-TeCB + 1,2,3,5-TeCB → 1,3,5-TCB + 1,2,4-TCB → 1,3-DCB + 1,4-DCB 

→ MCB and benzene. Degradation of parent and intermediate compounds (HCB, PCB, TeCB, 

TCB, and DCB) were observed faster under sulfate reducing conditions followed by 

methanogenic conditions while end product (MCB and benzene) degradation was occurred under 

methanogenesis. Hydrogen concentration trends also suggested that hydrogen was probably used 

as an electron donor during both sulfate reduction and methanogenesis to drive dechlorination.  

The results of microbial analysis showed that different microbial composition and 

diversities were able to dechlorinate HCB under anaerobic condition. Highly organic rich soil, 

BionSoil, probably changed the microbial community and facilitated dechlorination. HCB was 

able to dechlorinate completely in BionSoil treatment microcosms.  These observations provide 

strong evidence for the application of bioremediation. In addition, BionSoil was found to be a 

very promising material for ex-situ bioremediation of chlorinated solvents contaminated sites.  
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CHAPTER 6                                                                                                          
SORPTIVE REACTIVE CAPPING OF PHENANTHRENE IN ANACOS TIA 

SEDIMENTS 
 

Introduction 

Polycyclic aromatic hydrocarbons (PAHs) have been widely distributed in the 

environment as a product of incomplete combustion of fossil fuels, vehicular emissions, coal and 

oil burning, wood combustion, coke plants, aluminum plants, iron and steel works, foundries, 

municipal incinerators, and oil shale plants and has been identified in ambient air, surface water, 

tap water, wastewater, drinking water, and dried lake sediments. The pollution of PAHs causes a 

serious risk to environment, and to human health due to direct exposure or through the food 

chain (U.S. EPA, 1987; Gao and Zhu 2004, 2005; Saison et al., 2004). Understanding of the fate 

of organic contaminants such as phenanthrene in environment is important to remediation 

strategies for contamination. 

 Reactive capping techniques, both containment and treatment, are very effective of 

managing the sediments that risk the health of national waterways (Reible et al, 2004; Reible and 

Lowry, 2005). Reactive capping designed to allow contaminants to pass through. The sediment-

water interface provides opportunities for economic placement of a treatment barrier to 

encourage contaminant degradation, sorption or sequestration prior to release to the overlying 

water (Reible and Lowry, 2005). The contaminants with alternative materials, such as 

AquaBlook, Zero-valent iron, Apatite, and BionSoil, can degrade or control more efficiently than 

sand. Capping with sand are not considered in many areas subject to groundwater upwelling or 

tidal pumping due to the potential for contaminant mobility and flux to the overlying water. Sand 

caps are used to retard migration of contaminants from sediments by physically separating 

contaminants from organisms and the water column (Palermo et al., 1998). Reactive caps 
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encourage the fate processes such as degradation or sequestration of the contaminants beneath 

cap and discourage recontamination of cap. The reactive capping can be extremely effective at 

reducing the exposure and risk of contaminated sediments. Such a cap is to ensure elimination of 

migration through a cap or sorption, chemical fixation or degradation of any contaminants that 

may migrate. 

The effectiveness of reactive cap using BionSoil on bioavailability of phenanthrene in the 

Anacostia River sediment was investigated in this study. BionSoil has potential for nutrient 

release and is effective primarily against chlorinated organics and hydrocarbons so, contaminants 

subject to anaerobic degradation. BionSoil facilitates sorption of contaminants and can provide a 

source of carbon for bacteria in waste treatment systems and it has high organic matter and 

nutrient content. BionSoil encourages degradation of organic contaminants through enhancement 

of reductive dechlorination and anaerobic degradation of PAH compounds. 

Adsorption isotherms were determined for phenanthrene in mixtures of different ratios of 

BionSoil and Anacostia River sediment in order to evaluate the effect of BionSoil as a sorbent. 

The objective of these experiments was to determine the partiotion coefficient of phenanathrene 

in the target sediment and water. In addition, fluxes of phenanthrene from Anacostia River 

sediment were measured to evaluate the bioavailability of the contaminants.  

Materials and Methods 

Sediments and Chemicals 

The Anacostia River in Washington, DC is a freshwater, tidal river draining an urban 

watershed encompassing 176 square miles in Maryland and the District of Columbia. The site 

sampled is the location of a field reactive capping experiment conducted through the EPA-

fended Hazardous Substance Research Center-South & Southwest (http://www.hsrc-ssw.org/ana-
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index.html). The site is near the combined sewer overflow at the western end of the Washington 

Navy Yard. The Anacostia River watershed has historically included unacceptable industrial, 

municipal, and military activities, which have resulted in levels of PAHs, polychlorinated 

biphenyls (PCBs), metals, and other contaminants. The sediments used in this study were 

collected from the Anacostia River and delivered to the laboratory in sealed five gallon buckets. 

Sediment preparation was described in detail in Chapter 4.  

The total PAH concentrations raging from 1366 to 2350 (µg/Kg) were detected in the 

Anacostia sediment. The major components, 200 (µg/Kg) of phenanthrene, 360 (µg/Kg) of 

pyrene, 280 (µg/Kg) of chrysene, 220 (µg/Kg) of fluoranthene, and 36 (µg/Kg) of 

benzo(α)pyrene were measured from Anacostia sites (Phelps, 2002). Significant PAH 

contamination appeared widespread in the Anacostia sites. Phenanthrene was selected as test 

chemical of representative PAH in this reactive capping study. Phenanthrene (CAS No. 85-01-8) 

is a polycyclic aromatic hydrocarbon (PAH) with three aromatic rings. It has a chemical formula 

of C14H10, a molecular weight of 178.22, and exists as a colorless crystalline solid (U.S. EPA, 

1987). It has a density of 1.179 (g/cm3) and a vapor pressure of 6.8 × 10-4 mmHg at 25ºC. 

Phenanthrene is almost insoluble in water (1-1.6 mg/L), but is soluble in glacial acetic acid and a 

number of organic solvents including ethanol, benzene, carbon disulfide, carbon tetrachloride, 

diethyl ether, and toluene. Phenanthrene has a log octanol/water partition coefficient of 4.45-4.57 

(U.S. EPA, 1987). 

Sorption and Desorption Experiments 

Batch experiments were conducted to determine phenanthrene sorption in slurries 

prepared by mixing various concentrations of sediment and the proposed capping material, 

BionSoil. Varied volumes of BionSoil were added to 50 mL Teflon tubes to measure the sorption 
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potential of this product. Approximately 5 g (dry weight) of Anacostia sediment was placed in a 

Teflon test tube followed by a 100 ppm of phenanthrene-spiked electrolyte solution (0.01 M 

CaCl2), 10 mM of sodium azide, and 5 mM of sodium molybdate inhibitor to prevent 

phenanthrene biodegrading through sulfate reduction. Teflon centrifuge tubes were sealed with 

Teflon caps to minimize headspace and tumbled for 48 hours. Following that, the test tubes were 

centrifuged and the supernatant was extracted to remove the water and analyzed with gas 

chromatography mass spectroscopy (GC/MS) to determine the phenanthrene concentrations. 

Four phenanthrene concentrations were used to develop the isotherm. Concentrations were 

generated by diluting phenanthrene solutions with the electrolyte solution described above to the 

following ratios 1:1, 1:2, 1:5, and 1:10. Three replicate vials were used for each isotherm point. 

The amount of PAH sorbed in the sediment was estimated by subtracting the measured final 

PAH concentration of the aqueous-phase from the initial PAH aqueous-phase concentration.  

Sorption experiments were conducted in solutions of initial concentrations which were 

well below the limit of solubility at 20°C, obtained by dilution of stock solutions. The criteria for 

selection of the concentrations was that the highest concentration was at least 20 times greater 

than the lowest concentration, and that the highest concentration did not exceed two third of the 

solubility of the test chemical. The aqueous solubility of phenanthrene is 1170 µg/L. (Maad et al. 

1998). Because phenanthrene has a low solubility, solvents were used to prepare initial stock 

solutions. Methanol was used in this study. To minimize the effects of solvents on the sorption of 

the test chemicals, minimum amounts of solvent were used in preparing solutions. Total 

methanol or methylene chloride solvent in each centrifuge tube was below 0.02 % of total 

solution volume (Zhao et al., 2002). The measurement of partitioning of phenanthrene was 

performed. Mass of the chemical adsorbed was calculated a using mass balance equation: 
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where eq  is the mass of chemical sorbed per unit mass of soil, 0C  is the initial aqueous-

phase concentration of the chemical, iC  is the equilibrium aqueous-phase concentration of the 

chemical, W  is dry weight of the sediment; and V  is the volume of solution. A plot of the 

concentration of contaminant sorbed, eq versus dissolved equilibrium concentrationeC , was 

made using the data for each reaction vial. The isotherms were used to describe the data; a linear 

isotherm and the Freundlich isotherm. The sorption distribution coefficient dK  in a linear 

sorption model can be described by 
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where eq  is the mass of chemical sorbed per unit mass of soil and eC  is the equilibrium 

concentration. Nonlinear isotherms can be described by the Freundlich equation. 
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where dK is the Freundlich sorption constant and N is the Freundlich exponent.  

The retardation coefficient R is calculated as follows 
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where bρ  is the bulk density of the medium, η is the porosity, dK is the linear 

distribution coefficient. 

Desorption of the phenanthrene from Anacostia sediment and BionSoil mixture was 

determined with various phenanthrene concentrations using the same batch technique. The 
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concentrations of phenanthrene desorbed from the originally PAH-contaminated river sediment 

were monitored over time. After adsorption was completed, the tube was centrifuged and the 

electrolyte solution was replaced every 24 hours. Teflon tubes were sealed with Teflon caps and 

tumbled for 24 hours. The analytical procedures for phenanthrene are as described above for the 

sorption experiments. 

Flux Measurements 

Laboratory scale flux chambers illustrated in Figure 6.1 were used to evaluate the 

potential fluxes of PAHs with BionSoil as a capping material under continuous flow. The two 

flux chambers; one for uncapped Anacostia River sediment and one for BionSoil-capped 

Anacostia River sediments were set up based on a previous design (Qaisi et al., 1996). The 

dimensions of the flux chamber (Figure 6.1) were 5 cm depth, 5 cm width, and 50 cm in length. 

The chambers were first packed as sediment bed, 1.5 cm of contaminated sediment layer and the 

followed by 1.5 cm of BionSoil as a cap layer. The control uncapped bed chamber was packed as 

3 cm of contaminated sediment layer. As the water flowed over and through the bed, 

contaminants leached from the sediment into the water. Water was pumped onto the chamber at a 

flow rate of 3.0 ± 0.15 mL/min. An outlet was located at the end of the bed for sampling. 

Experiments were continued until parameters reached steady state for 160 hours.  

The experimental flux rates (g·m-2·d-1) were calculated based on concentrations in the 

overlying water using the following equation. 

A
CQdmgFlux ⋅=⋅⋅ −− )( 12  

where Q  is the volumetric flow rate (L/hr), C  is concentration (mg/L), A  is area of the bed 

surface (cm2). The experimental flux rates were compared between uncapped Anacostia River 

sediment and sediments with BionSoil caps.  
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Figure 6.1 Laboratory Flux Chamber 
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Samples were taken from the overlying water, capping layer, and sediment every 6 hours 

to monitor the migration of contaminants and degradation of contaminants in each layer. 

Sediment samples were taken spoonful of soils from cap layer using the spatula and dug under 

the cap and scooped out from sediment. Sampling was conducted from three positions for 

triplicate analyses. Soil and sediment samples were transferred into scintillation vials and 

analyzed for phenanthrene, pyrene and chrysene concentrations as described below. Effluent 

samples were collected from the outlet of the flux chamber to monitor the potential for fluxes of 

nitrate, ferric iron, manganic manganese and sulfate at regular intervals. 

Analyses 

Sediment samples were mixed with a hexane/acetone mixture (1:1 (v/v)) in 50 mL Teflon 

centrifuge tubes. The mixture was tumbled to homogenize for 24 hrs. After centrifugation, the 

supernatant was passed through sodium sulfate to remove the remaining water. Samples were 

transferred into glass scintillation vials and concentrated for GC analyses. PAH extracts were 

analyzed using a Hewlett Packard 5890A gas chromatograph (GC) coupled with a HP 5971 mass 

selective (MS) detector equipped with a 30 m × 250 µm × 0.25 µm film thickness capillary 

column. One µL of the sample was injected automatically onto the column. GC temperature 

program conditions were 55°C and ramped at 10°C/min to 200°C then at 4°C/min to 300°C and 

held for 10 minutes. The mass spectrometer was operated in the electron impact ionization mode 

and the ion source temperature was 280°C. PAH components were quantified in the selected ion 

monitoring mode with a semivolatile internal standard (Supelco, Bellefonte, PA). 

The concentrations of nitrate, ferric iron, manganic manganese, and sulfate were 

measured by colorimetric methods. The Hach 2010 analyzes for nitrate concentrations within 

range of 0 to 45 mg/L NO3
--N. Concentrations of NO3-N were read directly by adding the Hach, 
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NitroVer5 “powder pillow” to the samples and inserting them into the spectrophotometer. The 

ferric iron concentrations are differences between total iron concentrations and ferrous iron 

concentrations. Total iron concentrations were read directly by adding the Hach, FerroVer Iron 

Reagent and ferrous iron concentrations were read by adding the Hach, Ferrous Iron Reagent. 

The manganic manganese concentrations are differences between total manganese 

concentrations and manganous manganese concentrations. Total manganese concentrations were 

measured by PAN method and soluble manganese concentrations were measured by periodate 

oxidation method. The Hach 2010 analyzes for sulfate concentrations within range of 0 to 70 

mg/L SO4
2--. Sulfate concentrations of were read directly by adding the Hach, SulfaVer4 

“powder pillow” to the samples and inserting them into the spectrophotometer. 

Modeling 

Contaminants in the sediment will dissolve and desorb in the water, migrate, and 

contaminate surface or ground waters. The diffusive transport processes of phenanthrene release 

from sediment were examined using the laboratory scale flux chamber and compared the 

efficiency between sediment with BionSoil cap and sediment without cap. Here, RECOVERY 

version 4.3.1 developed by U.S. army engineer research and development center (Vicksburg, 

MS), mathematical model was used to predict the temporal response of surface water to 

contaminated sediments. A modeling framework designed to assess the impact of contaminated 

bottom sediment on surface waters. The analysis is limited to cases where the overlying water is 

well-mixed. In addition, the contaminant is assumed to be organic and to follow reversible linear 

equilibrium sorption and first-order decay kinetics (Luiz and Terry, 2001). A list of assumptions 

used in the development of this model is shown in Table 6.1.  



 181

Table 6.1 Assumptions used in the development of RECOVERY (Luiz and Terry, 2001) 

Assumptions 

Contaminant is of organic nature. 

The water body is well-mixed. 

The mixed layer is well-mixed. 

In the deep sediments, contaminant concentration varies in the vertical direction only. 

The initial concentration of the contaminant in the region below the contaminated 

region is zero. 

The contaminant follows a linear reversible equilibrium sorption mechanism. 

The contaminant decays according to first-order kinetics. 

There is no compaction in the sediments. 

The system is isothermal. 

The water body is at 25 ˚C. 

Flowthrough is constant. 

Only single-component mass transfer is described. The movement of the contaminant 

is independent of the presence of other contaminants.  

 

The contaminant mass balance in the water can be written as  

( ) WcFcFAvcAv

cFAvcVkcVkQcQc
dt

dc
V

wdwmdpmdmmr

wpwwswwvwwwwi
w

w

+−++

−−−−=
 

where wV = volume of water body (m3), wc and mc = concentrations of contaminant in 

water and mixed sediments, respectively (µg/m3), ic = inflow concentration (µg/m3), t = times 

(years), Q = flow rate (m3/yr), wk = decay rate constant of contaminant in water (yr-1), vk = 

volatilization rate of contaminant (yr-1), sv = settling velocity of particulate matter (m/yr), wA and 

mA = surface areas of water and mixed sediment, respectively (m2), pwF = fraction of 
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contaminant in particulate form in the water, rv = resuspension velocity of sediments (m/yr), 

dv = diffusion mass-transfer coefficient at the sediment-water (m/yr), dpF = ratio of contaminant 

concentration in the sediment pore water to contaminant concentration in total sediment, dwF = 

fraction of contaminant in dissolved form in the water, W = external loads (µg/yr). 

A mass balance for the mixed-sediment layer can be written as  

( ) ( )( )mdpsdpmdmdpwdwmd

mmbmmrwpwwsmmm
m

w

cFcFAvCFcFAv

cAvcAvcFAvcVk
dt

dc
V

−+−+

−−+=

0
 

where mV = volume of mixed layer (m3), mk = decay rate constant of contaminant in the 

mixed layer (yr-1), bv = settling velocity (m/yr), ( )0sc  = the contaminant concentration at the top 

of the deep contaminated layer ((µg/m3). 

The contaminated sediment can be modeled with one-dimensional advection-diffusion-

decay equations of the form 

ss
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where sc = the contaminant concentrations in the sediments (µg/m3), φ  = sediment 

porosity, sD = diffusion rate in the sediment pore water (m2/yr), z  = depth into the sediment, 

sk = decay rate constant of contaminant in the sediments (yr-1). 

 The differential equations are solved numerically. Recovery version 4.3.1 is written in 

Fortran 77. The calibrated models to experimental data could estimate contaminant release rates 

in similar system and Anacostia River condition. The parameters used in model in laboratory 

scale flux chamber, Anacostia reactive caps, and Anacostia sand caps are listed in Table 6.2, 6.3, 

and 6.4, respectively. 
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Table 6.2 Input parameters for phenanthrene transport mathematical model (Lab scale) 

 Parameters      Value  

Water layer suspended solid concentrations (mg/L) 0.0001 

  weight fraction carbon   0.0001 

  water surface area (m2)   0.026 

  water depth (m)    0.002 

  flow (m3/yr)    1.58 

  residence time (yr)    3.29 e-5 

Mixed (cap) layer contaminated sediment depth (m) 0.03 

  mixed sediment depth (m)   0.015 

  surface area (m2)    0.026 

  carbon fraction    0.4 

  porosity     0.5 

  specific gravity     1.2 

Contaminated sediment porosity     0.3 

 specific gravity    2.04 

System properties wind (m/s)     0.0001 

  resuspension velocity (m/yr)   0.0002 

  burial velocity (m/yr)    0.00064 

  settling velocity     5040000 

phenanthrene initial concentration    0 

  initial concentration in mixed   0 

  initial concentration in contaminated (mg/Kg) 17 

  diffusion coefficient     5 E-6 

  Henry’s     2.3 E-5 

  molecular weight    178 

  octanol water partition   28800 

Model  simulation (yrs)     1 

  time steps    100 
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Table 6.3 Input for phenanthrene transport mathematical model (Anacostia reactive caps) 

 Parameters      Value  

Water layer suspended solid concentrations (mg/L) 30 

  weight fraction carbon   0.05 

  water surface area (m2)   10000 

  water depth (m)    3 

  flow (m3/yr)    0.001 

  residence time (yr)    30000000 

Mixed (cap) BionSoil contaminated sediment depth (m) 1 

 layer mixed sediment depth (m)   0.01, 0.05, 0.1, 0.2 

  surface area (m2)    10000 

  carbon fraction    0.4 

  porosity     0.5 

  specific gravity     1.2 

Contaminated sediment porosity     0.3 

 specific gravity    2.04 

System properties wind (m/s)     1 

  resuspension velocity (m/yr)   0.0002 

  burial velocity (m/yr)    0.00064 

  settling velocity     16.8 

phenanthrene initial concentration    0 

  initial concentration in mixed   0 

  initial concentration in contaminated (mg/Kg) 100 

  diffusion coefficient     5 E-6 

  Henry’s     2.3 E-5 

  molecular weight    178 

  octanol water partition   28800 

Model  simulation (yrs)     200 

  time steps    100 
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Table 6.4 Input for phenanthrene transport mathematical model (Anacostia sand caps) 

 Parameters      Value  

Water layer suspended solid concentrations (mg/L) 30 

  weight fraction carbon   0.05 

  water surface area (m2)   10000 

  water depth (m)    3 

  flow (m3/yr)    0.001 

  residence time (yr)    recalculate 

Mixed (cap) layer contaminated sediment depth (m) 1 

  mixed sediment depth (m)   0.01, 0.1 

  surface area (m2)    10000 

  carbon fraction    0 

  porosity     0.5 

  specific gravity     2.65 

Contaminated sediment porosity     0.3 

 specific gravity    2.04 

System properties wind (m/s)     1 

  resuspension velocity (m/yr)   0.0002 

  burial velocity (m/yr)    0.00064 

  settling velocity     37.1 

phenanthrene initial concentration    0 

  initial concentration in mixed   0 

  initial concentration in contaminated (mg/Kg) 100 

  diffusion coefficient     5 E-6 

  Henry’s     2.3 E-5 

  molecular weight    178 

  octanol water partition   28800 

Model  simulation (yrs)     200 

  time steps    100 



 186

Results and Discussion 

Sorption and Desorption Potential 

Sorptive potential of the sediment and BionSoil was determined using the batch 

technique. Batch testing involved adding soil to a number of vials, adding solutions prepared 

using various concentrations (0.1, 0.2, 0.5, and 1 ppm) of phenanthrene to produce varying solute 

concentrations, sealing the vial and shaking it until equilibrium is reached, analyzing the solute 

concentration remaining in solution, and calculating the amount of contaminant sorbed to the soil 

matrix using mass balance equations. A plot of the concentration sorbed versus dissolved 

equilibrium concentration was made using the data for each reaction vial (Wiedemeier et al. 

1996). The slope of the line (linear model) formed by linear regression was the sorption 

distribution coefficient. Alternatively, the Freundlich sorption model was used when non-linear 

relationships between sorbed and aqueous concentrations of the contaminant of interest were 

encountered. Sorption data was modeled using either linear or Freundlich sorption models.  

Results of the linear dK values (sediment:water partition coefficients) for phenanthrene 

from different BionSoil and Anacostia sediment mixtures are presented in Table 6.5. The 

dK value of BionSoil (127.4 L/Kg) exceeded the dK  of Anacostia sediment alone by a factor of 

~6. This is due to the presence of much high organic carbon content in the BionSoil matrix 

resulting in much higher sorption potential for this material.  

Retardation coefficient of contaminant for phenanthrene in the sediment mixtures ranges 

from 139.72 to 351.78. Computed retardation coefficients of sediment for phenanthrene are 

similar to those reported by Dohse and Lion (1994) from low-carbon sand. Hydrophobic 

compounds tends to have high sorption coefficient, it means, have high retardation coefficients 

(PAH and PCB: greater than 100) rather than those of soluble compounds (TCE: 1-5 and PCE: 1-
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3.78). It was observed that higher ratios of BionSoil have significantly higher retardation 

coefficients than lower ratios of BionSoil. 

Table 6.5 dK value for phenanthrene among different treatments using linear model 

Treatments Sediment 20 % BionSoil 40 % BionSoil 60 % BionSoil BionSoil only 

)/( KgLK d  20.4 52.7 88.9 112 127.4 

2R  0.88 0.98 0.92 0.95 0.89 

R  139.72 199.36 307.53 351.78 318.99 

 

Table 6.6 FK value for phenanthrene among different treatments using nonlinear 
Freundlich model 

Treatments Sediment 20 % BionSoil 40 % BionSoil 60 % BionSoil BionSoil only 

)/( KgLK F  11.37 33.41 96.20 97.81 152.9 

N  0.74 0.85 0.86 0.75 0.64 

2R  0.93 0.97 0.95 0.98 0.99 

 

The nonlinear Freundlich sorption models are presented in Table 6.6 and nonlinear model 

of BionSoil is shown in Figure 6.2. Both the linear and nonlinear Freundlich models fit well 

( 2R >0.88). The FK  value for BionSoil is taken from Figure 6.6 as follows: 152.9 of FK , 0.64 

of N , and 0.99 of 2R . Again, the behavior is similar with highest dK  value in BionSoil 

treatment and Anacostia sediment having the lowest. This is attributed to the effect of the organic 

BionSoil. The organic matter plays a significant role in sorptive behaviors of sediments. 
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Figure 6.2 Nonlinear Freundlich sorption model for Bionsoil 
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Additional experimental dK values using the 14C-phenanthrene are presented in Table 6.7. 

The dK value for Anacostia sediment is shown as 34.6 L/Kg and BionSoil had a 51.9 L/Kg using 

the linear model while FK values were 12.5 L/Kg of Anacostia sediment and 102.7 L/Kg of 

BionSoil using the nonlinear Freundlich model using the 14C-phenanthrene. The nonlinear 

Freundlich sorption fit is better for BionSoil sorption. The nonlinear Freundlich sorption model 

using the 14C-phenanthrene is presented in Figure 6.3. 

 

Table 6.7 Sediment and water partition coefficient using 14C-phenanthrene 

Treatments Linear model Nonlinear Freundlich model 

)/( KgLK d  2R  )/( KgLK F  N  2R  

Sediment 34.55 0.97 12.46 1.42 0.99 

BionSoil 51.87 0.90 102.70 0.70 0.98 

 

 

Studies of sorption and desorption of phenanthrene showed that an apparent steady state 

was reached within 3 days in Figures 6.4 and 6.5. The sediment and water partition coefficients 

were examined between Anacostia sediment and BionSoil at different concentration of 

phenanthrene in Figure 6.4. The comparison of the higher concentration to the lower 

concentration for phenanthrene component indicates a higher dK  value for the higher 

concentration of chemicals. In other words, more water per mass was required to move the same 

amount of contaminants. 
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Figure 6.3 Freundlich sorption model using 14C-phenanthrene 
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Figure 6.4 Partition coefficients as function of time 
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Figure 6.5 Desorption in different treatments 
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Desorption behavior for phenanthrene among different treatments was shown in Figure 

6.5. At the apparent steady state, approximately 9 % of phenanthrene was desorbed from 

Anacostia sediment while only 3 % of phenanthrene was desorbed from the 60 % of BionSoil 

and sediment mixture treatment. As shown, as the BionSoil percentage in the treatment 

decreased, greater desorption occurred. Release of phenanthrene from the Anacostia sediment 

was faster than the release of phenanthrene from the BionSoil and sediment mixture treatments.  

Flux Measurements 

As previously mentioned, the experimental flux rates were compared between Anacostia 

River sediment and sediments with BionSoil caps. The aqueous samples and sediment samples 

were analyzed for the phenanthrene, pyrene and chrysene concentrations. The release of 

contaminants was quantified by computing flux rates. The goal of study was to quantify the 

diffusion flux rates of nitrate, nitrite, manganese, ferric iron, and sulfate from a bed of Anacostia 

sediment and sediment with BionSoil cap. The aqueous samples were analyzed for nitrate, 

manganic manganese, ferric iron, and sulfate concentrations and fluxes.  

The PAH concentrations were observed both lower concentrations in BionSoil cap layer 

and higher concentrations in sediment layer in Figure 6.6 and 6.7 respectively. The concentration 

plots follow a similar pattern which PAH components are degraded efficiently. Around 75 % of 

PAHs were removed in sediment layer in the bed composed of sediment with BionSoil cap. In 

addition, around 85–100 % of PAHs were removed in the BionSoil cap layer. The degradation 

occurred not only in the sediment layer but also in BionSoil cap layer. The BionSoil cap layer 

was expected clean initially but, there are PAHs in the cap layer. The BionSoil appeared to sorb 

the contaminant initially during the sediment and cap bed were settled down. Based on 

biodegradation microcosms (Chapter 4), PAH concentration decreased in sediment mixing with 
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BionSoil because the PAH contaminant transferred into BionSoil matrix by its high sorption 

potential and degradation capability. While PAH degradation occurred significantly in the 

sediment with BionSoil cap layer, PAHs were not changed in the sediment only without cap 

(Figure 6.9). In addition, trace of PAH was detected in the water column in the BionSoil cap 

shown in Figure 6.8.  

The spikes in the concentrations of the PAHs, especially phenanthrene (Figures 6.8) of 

the experiment are contrary to what was expected. The concentrations were expected to decrease 

with time until they reached non-detectable levels. Considering that within the cap and sediment 

materials water was practically stationary during the experiment, the main mechanism for the 

transfer of the PAHs within these layers was diffusion, which is concentration gradient-

controlled. On the other hand, within the water column both diffusion and advection are likely to 

have been effective (Charbeneau, 2000). 

Therefore, the spikes in PAH concentrations can be attributed to: 1) changes in 

geotechnical and hydrodynamic properties of the cap and sediment materials under the influence 

of the column of flowing water; 2) scouring and channeling of the cap layer with resultant 

preferential flows, which coupled with heterogeneities within the cap and sediment materials 

would have resulted in a temporal variation in the fluxes of the PAHs; and 3) changes in water 

flow rate due to blockage and wear and tear as well as manufacturing defects of the water 

conveyance tubing. The changes in the geotechnical and hydrodynamic properties of the cap and 

sediment materials would have affected, among others, water content, effective porosity, and 

density. 
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Figure 6.6 PAH concentrations of cap layer in the sediment with BionSoil cap 
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Figure 6.7 PAH concentrations of sediment layer in the sediment with BionSoil cap 
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Figure 6.8 PAH concentrations of water column in the sediment with BionSoil cap 
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Figure 6.9 PAH concentrations in sediment only without cap 
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Figure 6.10 Aqueous TOC concentrations 
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Figure 6.11 pH value comparisons 
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Aqueous total organic carbon (TOC) concentration and pH values are compared between 

Anacostia sediment with a BionSoil cap and Anacostia sediment alone in Figures 6.9 and 6.10. 

BionSoil is nutrient rich product and is sued as an organic soil amendment and fertilizer. It 

contains around 40-55 % of organic matter. Aqueous TOC concentrations are high initially in 

sediment with BionSoil cap treatment in comparison with the sediment only treatment. pH values 

in the BionSoil capped system averaged 6.2. BionSoil lowers the pH of the Anacostia sediment. 

pH in BionSoil cap is slightly lower because of organic acids from the biological processes. 

The graphs are shown the nitrate flux, manganese flux, ferric iron flux, and sulfate flux in 

Anacostia sediment with BionSoil cap treatment in Figure 6.12, 6.13, 6.14, and 6.15 respectively. 

Figures show the typical shape of diffusion curves, with initially higher concentrations rapidly 

decreases to a steady state. They look very similar trends which decrease flux rate initially less 

than 10 hours and reached steady state flux rate. The plot is described by the transient initial 

desorption and advection removal of nitrate, manganese, ferric iron, and sulfate followed by 

steady state desorption flux rate. The Anacostia sediment and BionSoil release sulfate more 

rapidly as seen around 21 (g·m-2·d-1) the initial flux rate in the Figure 6.15. The sulfate flux rate 

value is high compared with manganese and iron. The flux rate points in the graphs are the 

average of three triplicates. The steady state concentrations of nitrite, manganese, and ferric iron 

are non detectable after 120 hours, with the final flux rates about 0.01 (g·m-2·d-1). In nitrate, 

around 0.65 (g·m-2·d-1) of flux rate was observed. Nitrate flux, manganese flux, ferric iron flux, 

and sulfate flux in Anacostia sediment without BionSoil cap treatment are shown in Figure 6.16 

to 6.19. Initial flux rates are not changed to the end of monitoring time. The flux rate is 

significantly different between sediment with cap treatment and sediment without cap.  
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Figure 6.12 Variation of nitrate flux in sediment with BionSoil cap 
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Figure 6.13 Variation of manganese flux in sediment with BionSoil cap 
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Figure 6.14 Variation of ferric iron flux in sediment with BionSoil cap 
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Figure 6.15 Variation of sulfate flux in sediment with BionSoil cap 
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Figure 6.16 Variation of Nitrate flux in sediment only without cap 
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Figure 6.17 Variation of manganese flux in sediment only without cap 
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Figure 6.18 Variation of ferric iron flux in sediment only without cap 
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Figure 6.19 Variation of sulfate flux in sediment only without cap 

   

 



 203

Modeling 

 The flux of phenanthrene from sediment into the water column was modeled 

mathematically using RECOVERY version 4.3.1. both laboratory scale and Anacostia River 

conditions. These models are intended to describe diffusion in a finite layer with uniform initial 

concentration, and zero flux at the base. The laboratory scale of flux model shown in Figure 6.20 

was run in order to compare the experimental flux data. The flux of phenanthrene increased 

linearly with time frame, it means, phenanthrene was released into the water body from sediment 

as time passes in direct proportion. The phenanthrene was detected in the water column while 

phenethrene concentration decreased from sediment layer in experimental data from Figures 6.7 

and 6.8.  
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Figure 6.20 Flux of phenanthrene from sediment into water in laboratory scale 
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Model scenarios are run in order to compare the effectiveness of reactive capping 

material, BionSoil. The flux of phenanthrene into the water column from sediment was modeled 

in different cap thickness with Anacostia River conditions. Sand caps provide the basis of 

comparison. Results of the reactive cap and sand cap simulations with different cap thickness are 

shown from Figure 6.21 to 6.26, flux into water from sediments without cap, 1 cm of BionSoil 

cap, 5 cm of BionSoil cap, 10 cm of BionSoil cap, 1 cm of sand cap, and 10 cm of sand cap, 

respectively.  

For each case of cap has a time before phenanthrene has transported through the cap 

layer, followed by increasing flux through the cap until a maximum is reached, then decrease in 

flux over time until the phenanthrene is depleted in the underlying sediment layer. The trends are 

shown to be intimately related to the sorption characteristics of the reactive cap. Sand caps show 

a flux more than forty times that of reactive BionSoil cap. Sand has little sorptive capacity for 

phenanthrene. 

The results show that contaminant flux through sand quickly approaches its maximum 

value rather than that of reactive caps. Reactive caps, 5 cm of BionSoil cap and 10 cm of 

BionSoil cap, improved mitigation by increasing the time before phenanthrene has transported 

through the cap layer by approximately 20-30 years, and then reduced the phenanthrene release. 

Ten centimeters of BionSoil cap (Figure 6.24) shows a highly effective ability to reduce flux and 

phenanthrene release. The cap placement will inhibit the flux of organic matter to contaminated 

sediments and will biodegrade contaminant in this region. The anaerobic metabolism of organic 

contaminant is considered a first order process as consistent with nutrient flux models (Chapter 

3).   
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Figure 6.21 Flux of phenanthrene from sediment into water without cap 
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Figure 6.22 Flux of phenanthrene from sediment into water with 1 cm BionSoil cap 
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Figure 6.23 Flux of phenanthrene from sediment into water with 5 cm BionSoil cap 
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Figure 6.24 Flux of phenanthrene from sediment into water with 10 cm BionSoil cap 
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Figure 6.25 Flux of phenanthrene from sediment into water with 1 cm sand cap 
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Figure 6.26 Flux of phenanthrene from sediment into water with 10 cm sand cap 
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Settling Data from Previous Study  

Simulation of the placement of the cap material under water at the target site was done 

using glass columns (diameter: 150 mm, effective height: 500 mm). Two types of experiments 

were done. The first was meant to simulate what would occur when the cap material was placed 

at the target remediation site for the first time. The second experiment was meant to simulate the 

situation when the cap material already placed at the target site was re-suspended due to 

disturbance occurring within the cap or turbulence in the water column above it.  

For both the placement and re-suspension experiments, monitoring was done for: changes 

in the clarity of the supernatant water in the column in Figure 6.27; variation of total suspended 

solids (TSS) with time in the supernatant water in Figure 6.28 and 6.29; and build up of the 

settled cap material in the column in Figure 6.30 and 6.31. The variation of TSS was assessed by 

taking samples of water from the columns through sampling ports placed at different levels along 

the height of the column. The build up of the cap was assessed by measuring the depth of the 

settled cap material, whereas the changes in the clarity of the supernatant water was assessed 

visually and recorded by photography. TSS was analyzed as recommended in the Standard 

Methods for the Examination of Water and Wastewater (APHA et al., 1998). I acknowledge Dr. 

Gabriel R. Kassenga and Mr. Stephen Mbuligwe performed experiments and discussion for 

simulation of the cap placements.   

 The photographs shown in Figures 6.27 show clearly that, upon pouring the cap material 

(T = 0), almost the whole of the water column was laden with the cap material. Nonetheless, 

there were signs of partial clearing of the cap material from the top most part of the water 

column even at T = 0. The largest extent of the effects of the clarification process in the 

supernatant water took place immediately after placement of the cap material then, later, 
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clarification proceeded much more slowly. For instance, the visual difference between the clarity 

of the water at T = 0 minutes and T = 12 minutes is very significant. This is in stark contrast with 

the difference for between T = 12 minutes and T = 180 minutes, which is hardly noticeable.  

As intended, during pouring, the bulk of the cap material went straight to the bottom of 

the column. As such, the suspended solids profiled in Figures 6.28 a and b, formed from the 

portion of the cap material that separated from the rest. Consequently, the reduction in total 

suspended solids (TSS) corresponds to the sedimentation of the suspended solids. The settlement 

profiles are in agreement with the sedimentation profiles reported in the literature for similar 

conditions (Metcalf and Eddy, 2003). It is evident that effects of the cap material by way of TSS 

formation after both the initial placement and re-suspension, are most serious within the initial 

few (four) minutes. The highest recorded TSS levels were about 3100 mg/L after initial 

placement and 3500 mg/L after re-suspension. In both the initial placement and re-suspension 

experiments, TSS concentration was reduced to practically the same level (of about 200 mg/L) at 

all depths within the water column after only 12 minutes. Furthermore, about 30 minutes after 

placement or re-suspension of the cap material, the TSS levels with the whole water column had 

been reduced to almost zero. Drinking water guidelines specify 500 mg/L as the highest 

desirable level of TSS in drinking water (Hammer and Hammer, 1996). It is apparent from 

Figures 6.28 a and b that clarification of the water can be attained much faster after re-

suspension than after the initial placement of the cap material. This suggests that careful 

placement of the cap material, as outlined earlier, can go a long way towards minimizing the 

unintended effects of the operation in the water column.  
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Figure 6.27 a Settling test of BionSoil 
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Figure 6.27 b Settling test of BionSoil 
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Figure 6.27 c Settling test of BionSoil 
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Figure 6.28 a Variation of TSS concentrations after re-suspension of BionSoil 
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Figure 6.28 b Variation of TSS concentrations after pouring of BionSoil 



 214

Figures 6.29 a and b show that the pattern of the build up of the cap material after the 

initial placement corresponds to the one exhibited following re-suspension of the cap material. 

This observation reinforces the predictability of the cap material placement operation. As 

observed with respect to the TSS removal process, the bulk of the cap thickness, both following 

the initial placement and after re-suspension, developed within a short time after commencement 

of the process. Notably, more that 91 % of the total thickness of the cap layer was built up within 

the first 5 minutes (300 s). Within about 20 minutes (1200 s) almost 100 % of the cap thickness 

was already in place. With respect to the build up of the cap material after re-suspension, more 

than 92 % of the cap layer was in place after about 5 minutes (300 s), whereas the whole cap 

layer was built up in about 25 minutes (1500 s). 

The fact that the cap layer was thicker after re-suspension than after the initial placement 

of the cap material can be attributed to two main things. First, the cap material expanded due to 

absorbing water, and thus the swelling resulted from the net increase in water content within the 

cap material (Sharma and Reddy, 2004). Second, consolidation of the cap material was slow, and 

within the scope of the monitoring for this study the process was still incomplete. Consolidation, 

which squeezes out the absorbed water under the weight of the cap material, is a slow process, 

and can proceed slowly for a long time depending on the type of material under consideration 

(Sharma and Reddy, 2004). It is also noteworthy that the correspondence of the cap material 

settling patterns observed above parallels the correspondence of TSS removal patterns. The 

inverse correspondence between the build up of the cap layer and removal of TSS from the water 

column (supernatant water) is due to the fact that both processes resulted from the same settling 

process.  
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Figure 6.29 a Build up of settled BionSoil layer after re-suspension of previously settled 
BionSoil 
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Figure 6.29 b Build up of settled BionSoil layer after pouring fresh BionSoil 
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Conclusions 

 Sorption and flux chamber studies indicate that concentration of contaminants from the 

sediment beds and flux of nitrate, manganic manganese, ferric iron, and sulfate from sediment 

was investigated. Effect of capping was estimated by comparison between Anacostia sediment 

with BionSoil cap and sediment without BionSoil cap. BionSoil was selected as a capping 

material.  

Sediment and water partition coefficient of BionSoil (112 L/Kg) is six times greater than 

that of Anacostia River sediment (20.4 L/Kg) using the linear sorption model. BionSoil has high 

sorption ability and acts a good sorbent. The nonlinear model dK value of 14C-phenanthrene in 

the Anacostia sediment has been found to be 12.46 L/Kg whereas that of BionSoil is 102.70 

L/Kg. Studies of sorption and desorption of phenanthrene showed that an apparent steady state 

was effectively reached in 2-3 days. At the apparent steady state, approximately 9 % of 

phenanthrene was desorbed from the soil phase in Anacostia sediment while only 3 % of 

phenanthrene was desorbed from soil phase in 60 % of BionSoil and sediment mixture treatment. 

This indicates that BionSoil is good capping material. This observation is reinforced by the fact 

that the release of phenanthrene from the Anacostia sediment was faster than release of 

phenanthrene from the BionSoil and sediment mixture treatment.  

In the flux chamber, PAH components degraded efficiently. Around 75 % of PAHs were 

removed in sediment layer in the bed composed of sediment with the BionSoil cap. The 

degradation occurred not only in the sediment layer but also in the BionSoil cap layer. TOC 

concentration was high initially in the sediment with BionSoil cap treatment but it was low in the 

sediment without cap. The flux rates of nitrate, manganese, ferric iron, and sulfate showed the 

typical shape of diffusion curves, with initially higher concentrations which rapidly decreased to 
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a steady state. The flux rates were significantly different between the sediment with cap 

treatment and sediment without cap. This indicates that BionSoil improved the characteristics of 

the sediment enhancing its sorption ability and facilitation of microbial activities. These 

activities slowed down the release of contaminants and nutrients. The model simulation shows 

the inherent advantage of using the reactive cap. BionSoil (10 cm) cap is shown to be the most 

effective scenario for reducing the flux mitigation.  
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CHAPTER 7                                                                                                                                
OVERALL CONCLUSIONS 

 
14C–Phenanthrene study observed 14C–Phenanthrene mineralization under various redox 

conditions in Anacostia river sediments with providing TEAs. Mineralization was examined to 

demonstrate the comparable effectiveness using the nitrate-reducing, ferric iron-reducing, 

manganese-reducing, sulfate-reducing, and methane production conditions. Mineralization of 

phenanthrene component was strongly linked to sulfate reduction since 34 % of mineralization 

was occurred when sulfate was provided as TEA. The mineralization of phenanthrene was less 

than 10 % in other treatments entire study period. The sulfate was electron acceptor in 

biodegradation processes. Sulfate reduction was the more energetic process than any other 

condition in Anacostia sediments. Sulfate treatment had more microbial ability to degrade 

phenanthrene than other treatments. Faster degradation of phenanthrene was possibly mediated 

by microbial communities such as Pelobacter sp. and Desulfuromonas sp. in the sulfate 

treatment microcosms. The microbial consortia may have a relation with the degradation 

potential and these organisms can possibly help facilitate PAH mineralization. Pelobacter sp. 

and Desulfuromonas sp. are members of the Geobacteraceae family which have an important 

role in the anaerobic degradation of PAHs. These sulfate reducers use hydrocarbon substrates as 

an electron donors and sulfate is used as an electron acceptor. Mineralization monitoring data 

suggested that the population of sulfate-reducing bacteria were involved with PAH degradation. 

Therefore, sulfate is a more promising TEA for intrinsic degradation in Anacostia River and 

other PAH contaminated sites. 

 A model simulating nutrient flux through sediment was developed the model framework 

of simulation and for the future use in the field of environmental remediation. The model can be 



 219

used to predict the response of the primary nutrients and overall sediment redox state after step 

changes in boundary conditions on the sediment.  

The kinetic study observed the important removal process of PAH components in 

anaerobic biodegradation. Biodegradation processes were examined to show the comparable 

effectiveness in the mixtures of BionSoil and Anascotia River sediment. A Biodegradation of 

PAH compound was strongly linked to sulfate reduction in BionSoil mixtures. Though sulfate 

and carbon dioxide both are electron acceptor in biodegradation processes, sulfate reduction is 

the more energetic process than methanogenesis condition. More fraction of BionSoil made these 

reactions or mechanisms vigorous in sediments. The degradation of PAHs was most likely 

mediated by microbial communities such as Desulfotomaculum sp., Pelobacter sp. and 

Desulfuromonas sp. The microbial consortia may have a relation with the degradation potential 

and they possibly help facilitating PAH decline. These sulfate-reducing bacteria use substrate as 

electron donors from hydrocarbons.  

The transformation of HCB in Anacostia was mainly due to reductive dechlorination. The 

complete dechlorination of the parent compound and daughter products were observed and 

proceeded faster as the percentage of the compost increased. The first order rate constants of 

parent compound in the sediment ranged 0.0058 to 0.0138 day-1. The dominant pathway of HCB 

was: QCB → 1,2,4,5-TeCB + 1,2,3,5-TeCB → 1,3,5-TCB + 1,2,4-TCB → 1,3-DCB + 1,4-DCB 

→ MCB and benzene. Degradation of parent and intermediate compounds (HCB, QCB, TeCB, 

TCB, and DCB) were observed faster under sulfate reducing conditions followed by 

methanogenic conditions while end product (MCB and benzene) degradation was occurred under 

methanogenesis. Hydrogen concentration trends also suggested that hydrogen was probably used 

as an electron donor during both sulfate reduction and methanogenesis to drive dechlorination. 
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The results of microbial analysis showed that different microbial composition and diversities 

were able to dechlorinate HCB under anaerobic condition. Highly organic rich soil, BionSoil, 

probably changed the microbial community and facilitated dechlorination. HCB was able to 

dechlorinate completely in BionSoil treatment microcosms. These observations provide strong 

evidence for the application of bioremediation. In addition, BionSoil was found to be a very 

promising material for ex-situ bioremediation of chlorinated solvents contaminated sites.  

Sorptive reactive capping studies indicate that concentration of contaminants from the 

sediment beds and flux of nitrate, manganic manganese, ferric iron, and sulfate from sediment 

was investigated. Effect of capping was estimated by comparison between Anacostia sediment 

with BionSoil cap and sediment without BionSoil cap. Sediment and water partition coefficient 

of BionSoil (112 L/Kg) is six times greater than that of Anacostia River sediment (20.4 L/Kg) 

using the linear sorption model. BionSoil has high sorption ability and acts a good sorbent. The 

nonlinear model dK value of 14C-phenanthrene in the Anacostia sediment has been found to be 

12.46 L/Kg whereas that of BionSoil is 10.2.70 L/Kg. Studies of sorption and desorption of 

phenanthrene showed that an apparent steady state was effectively reached in 2-3 days. At the 

apparent steady state, approximately 9 % of phenanthrene was desorbed from the soil phase in 

Anacostia sediment while only 3 % of phenanthrene was desorbed from soil phase in 60 % of 

BionSoil and sediment mixture treatment. This observation is reinforced by the fact that the 

release of phenanthrene from the Anacostia sediment was faster than release of phenanthrene 

from the BionSoil and sediment mixture treatment. In the flux chamber, PAH components were 

removed efficiently. Around 75 % of PAHs were removed in sediment layer in the bed 

composed of sediment with the BionSoil cap. TOC concentration was high initially in the 

sediment with BionSoil cap treatment but it was low in the sediment without cap. The flux rates 
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of nitrate, manganese, ferric iron, and sulfate showed the typical shape of diffusion curves, with 

initially higher concentrations which rapidly decreased to a steady state. The flux rates were 

significantly different between the sediment with cap treatment and sediment without cap. This 

indicates that BionSoil improved the characteristics of the sediment enhancing its sorption ability 

and facilitation of microbial activities.  
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